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ABSTRACT

Uranium may pose a hazard to ecosystems and human health due to its chemotoxic and radiotoxic properties.
The long half-life of many U isotopes and their ability to migrate raise concerns over disposal of radioactive
wastes. This work examines the long-term U bioavailability in aerobic soils following direct deposition or
transport to the surface and addresses two questions: (i) to what extent do soil properties control the kinetics
of U speciation changes in soils and (ii) over what experimental timescales must U reaction kinetics be
measured to reliably predict long-term of impact in the terrestrial environment? Soil microcosms spiked with
soluble uranyl were incubated for 1.7 years. Changes in U"' fractionation were periodically monitored by soil
extractions and isotopic dilution techniques, shedding light on the binding strength of uranyl onto the solid
phase. Uranyl sorption was rapid and strongly buffered by soil Fe oxides, but UY' remained reversibly held and
geochemically reactive. The pool of uranyl species able to replenish the soil solution through several
equilibrium reactions is substantially larger than might be anticipated from typical chemical extractions and
remarkably similar across different soils despite contrasting soil properties. Modelled kinetic parameters
indicate that labile UY' declines very slowly, suggesting that the processes and transformations transferring
uranyl to an intractable sink progress at a slow rate regardless of soil characteristics. This is of relevance in the

context of radioecological assessments, given that soil solution is the key reservoir for plant uptake.

Keywords: uranium, soil, humus, iron oxide, bioavailability, isotopic dilution
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1. INTRODUCTION

Uranium is considered a potential hazard to ecosystems and human health due to its chemotoxic and
radiotoxic properties (Alloway, 2012). Contamination is widespread (Gavrilescu et al., 2009); sources include
nuclear weapons, nuclear reactor operations, nuclear accidents, waste disposal (Vandenhove et al., 2007a)
and mining activities (Lottermoser et al., 2011). In reducing environments, tetravalent U" is typically present
as insoluble uraninite UO,(s), although numerous recent works have identified non-crystalline disordered U
phases in soils and sediments (Fuller et al. 2020 and references therein). Under oxidising conditions, U"' as the
uranyl cation (UY'0,%*) is the common species. Uranyl is relatively mobile (Cumberland et al., 2016) and is the
major species responsible for U toxicity in aquatic organisms (Crawford et al., 2017). The presence of
complexing ligands in groundwater may enhances U mobility. Thus, groundwater interactions with waste
deposits influence safety assessment of radioactive waste repositories (Krupka et al., 1999; Um et al., 2010;
Vandenhove et al., 2007a). The long half-life of many U isotopes (i.e. 10° — 108yr) and their ability to migrate

as complexed and free uranyl forms raise concerns over geological disposal of radioactive wastes.

Radioisotope solubility is often expressed as a solid-liquid distribution coefficient (Kq4); compilations
exist for U (e.g. Crawford et al. 2017; Krupka et al., 1999; Sheppard et al., 2006, 2009). Values of K4 are typically
obtained after ‘spiking’ soils (Krupka et al., 1999) and incubating these under suitable conditions. However,
the resulting data are typically based on relatively short contact times ranging from hours (Manoj et al., 2019)
to weeks (Vandenhove et al., 2007a) and, rarely, months (Elless and Lee, 1998). Such an approach is unlikely,
therefore, to provide true ‘equilibrium’ K4 values. The large variation seen in compilations of U K4 values largely
reflects a strong dependence on soil properties, especially pH (Sheppard et al., 2009). Echevarria et al. (2001)
found a linear relationship between soil pH and U sorption, whilst soil texture and organic matter were not
significant. However, Cumberland et al. (2016) and Fuller et al. (2020) demonstrated the relevance of U
complexation with humic substances, which can influence U mobility and Kq values. Thus, K4 values are subject

to uncertainties that may compromise disposal risk assessments if site-specific factors are not considered.
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Numerous studies have attempted chemical fractionation of U using sequential extractions. Typically,
the so-called ‘exchangeable’ and ‘carbonate-bound’ fractions are recognised as readily available (Rout et al.,
2016). In a pot experiment, Vandenhove et al. (2014) found a relationship between U concentration in the
exchangeable fraction of soils and in ryegrass. As a complement to chemical extractions, isotopic dilution
assays have the potential to add new insights into time-dependent changes in U speciation. The technique
consists on adding a known amount of an isotopic tracer to a soil suspension in equilibrium; the resulting
change in isotopic ratios gives an indication of the isotopically exchangeable concentration, which provides a
more mechanistically based estimate of the reactive pool (Young et al., 2005, 2006). Hamon et al. (2008) and
Midwood (2007) provide descriptions of the principles of the technique. To date very little is known about U
isotopic exchangeability in aerobic soils as the literature is limited to contaminated sediments (Bond et al.,
2007; Kohler et al., 2004; Um et al., 2010). To our knowledge, changes in U isotopic exchangeability in aerobic

soils, and the influence of soil properties, have not been addressed.

In this work we examined time-dependent changes in the lability and solubility of U in a wide range of
soils, incubated under aerobic conditions for 1.7 yr following contamination. The study monitored changes in
U fractionation, specifically the ‘soluble’, ‘chemically exchangeable’ and ‘isotopically exchangeable’ U
fractions, thereby providing mechanistic insights into the kinetics of U adsorption and immobilisation in
aerobic soils over time. Ultimately our main aim was to address two questions: (i) to what extent do soil
properties control the kinetics of U speciation changes in aerobic soils and (ii) over what experimental
timescales must U reaction kinetics be measured in order to make reliable long-term predictions of impact in

the terrestrial environment?

2. MATERIALS AND METHODS

2.1.  Soil sampling and characterisation

Twenty topsoil samples (0—15 cm depth) with contrasting properties were collected from locations in

the UK (Table 1) and sieved to <4 mm. A portion was oven dried (105°C) and ground for acid digestion. This
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was undertaken in Savillex™ vials with concentrated, Primar Plus™ HF, HNOs and HCIO4 using a stepped heating
program up to 160°C. Duplicate certified reference soils and sediments NISTSRM 2711a, NIST 1646a and IRMM
BCR-167 and reagent blanks were also digested. Elemental recoveries were >80% for the majority of the

certified elements.

Soil pH was measured in 0.01 M CaCl, suspensions (2.5 L kg?). Organic C contents (OC) were
determined using a FLASH EA1121 CNS analyser. Total free oxides (Ferree, Aleree and Mnegree) were extracted by
shaking soil with Na-citrate and Na-dithionite for 24 h in a 20°C water bath (Olsen and Roscoe, 1982). Estimates
of amorphous and poorly crystalline oxides (Feau, Alam and Mnaw) were obtained following extraction in
ammonium oxalate and oxalic acid, shaken in darkness for 2 h (Schwertmann, 1973). All filtered solutions (<0.2

pum) were acidified to 2% HNO; before analysis.

2.2. Soil microcosm incubation and soil extractions

Portions of ~1.7 kg (dry soil basis) of partially air-dried soils were contaminated with 5000 pg UY'0,%* per
kg dry soil, using a Spex CertiPrep uranium standard solution (10000 pug mL™?) in 2.5% HNO; diluted 1-in-4. To
this end, approximately 3.4 mL of the U spike were slowly added to each soil while the samples were
mechanically stirred (c. 60 rpm) with the aid of a food mixer for 4 minutes to ensure uniform contamination.
This represented a 2 — 7 fold increase in background U concentrations, which ranged between 700-5000 pg
kg™. The moisture contents were readjusted with ultrapure water during soil mixing. No attempt was made to
achieve a pre-determined water content; rather, a friable but moist consistency was sought to aid soil mixing,
which required different volumes of water to be added to individual soils. Each contaminated soil was
distributed between three 1 L glass bottles (microcosms) with a hole in the lid to allow gas exchange and
incubated in darkness at 10°C for 619 days. The microcosms were regularly hand shaken to aid aeration, and
soluble Mn and Fe were monitored during periodic soil extractions as indicators of any redox changes. Further

details on the experimental setup and microcosm sampling are reported in Izquierdo et al. (2019).

Changes in soluble U (Us,) were determined by sampling each microcosm and equilibrating the

equivalent of 4.0 g dry soil with 20 mL 0.01 M KNOs for 16 h on an end-over-end shaker. The soil suspensions
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were centrifuged (3000rpm, 20 min) and filtered through cellulose nitrate syringe filters (0.22 um pore size).
An aliquot was adjusted to 2% HNO; prior to analysis. The remaining solution was used for dissolved organic

carbon (DOC) analysis.

Chemically exchangeable (Uexch) and isotopically exchangeable (Ug) fractions of U were simultaneously
determined in the same solution extracts. At each sampling time, a portion equivalent to 2.0 g dry soil was
equilibrated with 20 mL 1 M Mg(NOs), containing the equivalent of 6 pg 223U0,?* and 6 pg 2°U0,%* per kg dry
soil. This was prepared from the Certified Reference Material IRMM-3636 with certified mass fractions of 33U
and 23U of 50.135% and 49.832% respectively. The soil suspensions were shaken for 36 hours, centrifuged
(3000rpm, 30 min) and filtered through 0.22 um cellulose nitrate filters, and the supernatant was adjusted to

2% HNOs prior to analysis.

The values reported in this work are the average of 3 replicated microcosms. The coefficients of
variation were typically between 2 — 10% for the three different soils extractions, suggesting that the UY'0,%*

addition was evenly distributed during experimental soil mixing prior to incubation.

2.3.  Analyses of solutions and calculations

The acid digests and soil extracts were analysed using ICP-MS (iCAP-Q; Thermo Fisher Scientific, Bremen,
Germany) and Ir and Rh as internal standards. Dissolved inorganic carbon (DIC) and DOC were determined

using a Shimadzu TOC-Vcp analyser.

The isotopic composition of the soil extracts was determined using ICP-MS with Ir as internal standard. Peak
dwell times for 233U, 26U and 238U were 0.5 s, with 450 quadrupole sweeps. The 233U/%%U spike was included
every 12 samples to drift-correct for mass discrimination. The isotopically exchangeable U was estimated from

Eq. 1 (Tye et al. 2002):

- * VSS
Ug (g 97%) = 22U (Kj + ) (Eq. 1)

Wsoil
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where 238U is the concentration of 228U in the solution phase of the soil suspension (ug L?), Vs is the volume
of extractant (L), wsoil is the soil mass (kg) and Kq* (L kg?) is distribution coefficient of the enriched isotope, and

therefore also the Kq4 of the isotopically exchangeable soil U (Eq. 2):

23xUI

adsorbed (Eq 2)

23xU15‘S

K; =
In Eq 2, 2*Uladsorbed is calculated from the difference between the intensities (cps) of 222U and 23U in the spike
and their intensities in the suspension solution phase; 22Ul is the measured intensity of 233U or 2*U in the

solution phase of the soil suspension.

A standard soil-solution partition coefficient for the soil U was calculated (Eq 3):

Ky (L kg™t) = 2 spike (Eq. 3)

Usol
Where Co denotes the concentration of native U in soils (ug kg?), Cspike is the U concentration added to soils

(ug kgt) and Uso is the U concentration (ug L) in the 0.01 M KNOs extracts.

In addition, the partitioning (K4, L kg!) between adsorbed isotopically exchangeable U and the free

uranyl ion in solution was also calculated (Eq. 4) (Mossa et al., 2020).

KE(Lkg™) = ~EJsol (Eq. 4)

T (U0dh)g,
Where Ug is the concentration of isotopically exchangeable U in soils (mol kg?), Us (mol kg?) is the U
concentration extracted with 0.01 M KNOs and (UO,%*) is the free ion activity (mol L) in the solution phase of

the KNOj3 extracts speciated using WHAM?7.

2.4. Geochemical speciation

The geochemical speciation model WHAM7 (Lofts and Tipping, 2011) was used to estimate the speciation of
UV in the solution phase of soil suspensions equilibrated in 0.01 M KNOs. The modelling approach assumes
that all U is present as uranyl U and simulates uranyl binding to dissolved organic matter and Fe oxide colloids

in the solution phase (Lofts et al., 2015). Input data included soil pH, temperature (277K) and solution
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concentrations of Na, Mg, Al, K, Ca, Fe, Mn and U. Colloidal (dissolved) fulvic acid (FA) was included, assuming
that FA consists of 50% DOC and only 65% is active with respect to ion binding (Tye et al., 2004). The carbonate
system was simulated from measured DIC. WHAM7 was used with an augmented database (Lofts et al., 2015).
Two modelling scenarios were tested: (i) FA as the only colloidal phase present in the system; (ii) colloidal FA

and sub-micron colloidal hydrous ferric oxides (HFO). This was addressed by allowing Fe" to precipitate as

colloids with active surface chemistry in the simulation, using binding parameters from Lofts et al. (2015).

Fractionation of labile U across the whole soil-solution system was also attempted. The solid binding
phases included (i) oxides, for which the two sets of estimates (Ferrer, Alrree and Mnggree; Feam, Alam and Mnawm)
were tested in separate simulations; (ii) particulate humic acid (HA) estimated from OC assuming that 50%
consists of active humic material (Buekers et al., 2008); (iii) geocolloidal species actively binding U in solution
i.e. FA and HFO, as described above. We also assessed the use of WHAM?7 to predict Us, concentrations from

basic soil characteristics.

2.5. Modelling U kinetics

Time-dependent reductions in both Us, and Ue concentrations were described using single rate exponential

models with an ‘offset’ representing a persistently soluble or labile fraction, respectively (Eqg. 5):
Uy (t)=A.e ** +B (Eq. 5)

where Ux(t) is the concentration of soluble or labile U at any time t after initial contamination of the soils; A is
the soluble or labile U (ug kg?) after 4 days incubation subject to depletion; B is the U persistently remaining
soluble or labile fraction; k is the first-order rate coefficient (t) representing the rate of depletion of A. The
model was fitted to experimental data from each soil using Microsoft Excel® ‘Solver’. The rate coefficients in
Eqg. 5 were used to estimate the times required to deplete by half the U or U concentration measured after

4 days (Eq. 6):

n(2)

T1/2 (days) = == (Eq. 6)
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3. RESULTS AND DISCUSSION

3.1. Soil characterisation

The general properties of the studied soils are reported in Table 1. Organic C varied between 1.7 — 38.6%
strongly reflecting different land uses. Soil pH ranged between 3.4 — 8.0, with the lowest values reported for
a soil overlying pyrite-rich bedrock and the highest values for calcareous soils. The concentrations of free

oxides ranged between 1,180 — 22,700 mg kg™.

3.2.  Soluble U (Uso)

Usol kinetics

Figures 1 and 2 show that Uso decreased rapidly, from the initial addition of 5000 pg kg?, to 2 — 160 pg kg* in
the first 4 days of incubation, probably due to surface complexation and cation exchange reactions (Krupka et
al., 1999). Langmuir (1978) demonstrated that maximum UO,**sorption on minerals occurs a pH 5-8.5; in
acidic organic soils there is greater competition with protons and other metallic cations for adsorption sites.
The initially large and rapid Uso removal from solution was followed by a slow decline for 6 months and a
subsequent stabilisation, or continued slower decline, for the remainder of the experiment. Earlier studies
reported dual rate kinetics for uranyl sorption on Fe oxides and silica; the first sorption step has been shown
to be complete within minutes (Hsi and Langmuir, 1985; Langmuir, 1978; Tinnacher et al., 2013).
Concentrations of Us, remaining at the end of the experiment were consistent across all soils (1-40 pg kg?)

and least for near-neutral soils with lower OC.

The decline in Uy fitted the exponential model (Figures 1 and 2) throughout the incubation, especially
over the longer term (Figure S1). The kinetic parameters are plotted in Figure S2 (and Table S1); the depletion
half-times (T12) ranged between 30 and 250 days suggesting slow U, sorption kinetics, following the initial
sorption at 4 days. The slow decline in Uso has been attributed to inter-particle diffusion, re-distribution to
lower reactivity surface sites, precipitation or other mass transfer-limited processes (Rihs et al., 2004;
Tinnacher et al., 2013). In practical terms, for the soil with the longest Ty, it would take ca. 5 years to drop

below 1% of starting value. Thus, our data and model fits suggest that some soils showed continued sorption
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of U beyond 619 days which emphasises the need for studies with extended contact times to inform longer-

term risk assessment calculations.

The size of the fraction subject to removal (A) and the persistently soluble fraction (B) appeared to be
pH controlled (Figure S2). With increasing pH, both A and B fractions initially declined, passed through a
minimum around pH 6 and increased again in calcareous soils with pH>7.5. There was a weak negative
relationship between T, and OC. Organic ligands may enhance uranyl adsorption onto Fe oxides forming

ternary UV-FA surface complexes (Tinnacher et al., 2013).

Uso speciation using WHAM7

The proportion of predicted species remained largely unchanged over time and therefore median values for
thirteen time points are reported (Figure S3). At pH<5, solution speciation was dominated by the free uranyl
ion (UO>?") (30-94%) and uranyl-colloidal FA complexes (4-66%); <20% was predicted to bind to HFO if this
was simulated, and other complexes were minor (<2%). If HFO was not allowed to precipitate in the model
run, there were slightly greater free ion activities because of the absence of complexation with HFO and Fes,
competition with UO,?* for complexation with FA ligands. Greater abundance of uranyl-FA complexes was
reported for organic soils (>10% OC). There was a very strong negative correlation (R?=0.92, n=7) between the
abundances of free UO,?* and uranyl-FA complexes for acidic soils, suggesting that the presence of organic

ligands may regulate toxicity. Free ion activity peaked for lower organic, acidic soils with 0C<10%.

Solution speciation between pH 5-7 was dominated by complexation with geocolloids. In soils with
Feso > 100 pg L, 80-99.8% Uso was bound to HFO, followed by uranyl-FA complexation (up to 15%). The
abundance of free UO,* dropped to <1% with increasing pH. However, when the simulation inhibited
adsorption to colloidal HFO, either because Feso was too low to precipitate or because HFO precipitation was
excluded from the model options, complexation with FA was clearly dominant (60—-99%), followed by up to
25% free UO,%*, probably reflecting Fes-Uso competition for binding to FA. Uranyl-hydroxides (primarily
UO,0H*, 1-13%), carbonate complexes such as UO,CO; and UO,(C0s),* (1-40%) were also predicted in the

absence of HFO. Thus, inclusion of binding to HFO colloids substantially affects apparent Uso speciation and
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resultant risk assessments. This is of particular relevance given that free ions are the most bioavailable forms

of metal and are often considered as the best indicator of toxicity (Khan et al., 2011).

Usorin calcareous soils was largely present as carbonate complexes (21-99.8%) as also noted by Krupka
et al. (1999). Where precipitation of colloidal HFO was simulated, 20-99% U, was present as alkaline earth-
uranyl-carbonate complexes, primarily Ca,U0O2(COs)s, which rose to 96.9—99.8% in the absence of HFO. In all
the modelling scenarios, uranyl-carbonate complexes made a small contribution (<2%), whilst other species

including free uranyl were absent at this pH (<0.01%) (Figure S3).

Partition coefficients K4

Values of K4 (Eq. 3) varied widely with ca. 2,000 L kg for acidic soils, 3,000-40,000 L kg* for neutral soils and
300-20,000 L kg™ for calcareous soils (Figure S4). These are within the ranges reported in the literature (Krupka
et al., 1999; Kumar et al., 2019; Sheppard et al., 2007). Values increased slightly within the first few months
reflecting the gradual decrease in Us, described above (Figure 2). This time-dependency showed little
dependence on soil properties. The effect of radionuclide-soil/sediment contact time has implications for

radiological risk assessments based upon short-term Kq values.

Multiple regression analysis for the whole dataset did not show significant relationships between soil
properties and the Kq. This is due to the inconsistent trend with pH around a ‘critical’ pH of 5.5 as noted by
Sheppard et al. (2006). Soil pH controls Ky through regulating both adsorption strength and (soluble)
complexation processes. The K4 values in the pH range 3—6 increased with pH (logio(K4)=0.20(pH)+2.5, R?=0.48,
Figure S5) reflecting increasing uranyl adsorption onto negatively charged soil surfaces such OC or
sesquioxides. Values of Kq peaked around pH 6—7 and subsequently declined. A weak negative relationship
between K4 and pH was evident at pH 6-8 (logio(Kd)=-0.46(pH)+7.0, R*=0.28) reflecting the formation of
aqueous alkaline earth-uranyl-carbonate complexes (Figure S3). This is in line with previous observations on

U solubility (Echevarria et al., 2001; Sheppard et al., 2006).

10
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3.3. Chemically exchangeable U (Uexch)

For soils between pH 3-7, Uexch cOncentrations in the early stages of incubation (4 days) were 10-200
ug kg (Figure 1b) i.e. <3% of the initially added uranyl concentration. This suggests that the initial rapid Usol
removal is not associated with simple electrostatically bound, outer-sphere complexation of uranyl ions which
would be exchangeable with hydrated Mg** ions. This is consistent with Hsi and Langmuir (1985) who

demonstrated that uranyl ions are strongly sorbed onto Fe oxides.

Soil pH was the main control on Uecn With a negative relationship for soils between pH 3-7 (R?=0.52;
Figure S6). Slightly greater Uexch concentrations were seen in acidic organic soils (30-200 pg kg™) compared to
near-neutral soils with low humus contents (5-50 pg kg?). By contrast, Uexch cOncentrations up to 3500 pg kg
! were observed for calcareous soils. Our data indicate that a large proportion (up to 57% of Uiotal) remained
chemically exchangeable over the first 4 months i.e. electrostatically held as weakly sorbed uranyl-carbonate
complexes. This underlines a potential risk to limestone and chalk aquifers given that overlying Rendzina soils
would not retain deposited U"', but rather enhance transport and discharge to the aquifer. Rout et al. (2016)
also found that ca. 50% U"' remained chemically exchangeable in calcareous soils after 1 month. Complexation
with carbonate ligands inhibits uranyl adsorption onto Fe oxides (Hsi and Langmuir, 1985; Waite et al., 1994)

although Bargar et al. (1999) showed that UV'-carbonate complexes can adsorb on oxide minerals.

Median Uexch data indicate a slow decline over the course of the experiment following the trend in Uso
(Figure 1). This could be associated with redistribution of sorbed uranyl throughout different reactive surface
sites (Tinnacher et al., 2013) leading to progressive migration to stronger binding sites inaccessible for

chemical exchange.

3.4. Isotopically exchangeable U (Ug)

Ut labile concentrations

Uranyl remained largely isotopically exchangeable throughout the experiment (Figures 1 and 3). This
demonstrates that the immediate loss of soluble and exchangeable U"' following contamination does not

reflect immobilisation processes. After 365 days, the proportion of isotopically exchangeable Ue ranged

11
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between 50 — 80% of Uiotal. After 619 days, 40 — 60% uranyl added was still in dynamic equilibrium with pore
water. These data are broadly consistent with Um et al. (2010), who estimated the isotopically exchangeable
U at 50-60% of the total U for contaminated sediments underlying radioactive waste tanks. Thus, even though
uranyl ions added to soils were rapidly rendered poorly soluble and weakly exchangeable, yet they remain
present in reactive forms despite contrasting soil properties. This contrasts with the literature on U
fractionation which tends to regard water soluble and chemically exchangeable fractions as the ‘potentially

available’ U species in the environment (Rout et al., 2016).

Predicting Ue solid speciation

WHAMY7 simulations after 619 days (Figure S7) suggest that labile U was primarily (>95%) adsorbed onto solid
Fe oxides. This suggests that Ug is probably bound as inner-sphere complexes with Fe oxides, remaining
available for isotopic exchange yet unavailable for ‘indifferent’ cation exchange. Additionally, for acidic organic
soils (0C>10%), 1-5% of Ue was associated with humic substances in soil. Other pools of Ur were predicted to

be <2%.

Uekinetics

Uranium lability (Ue) declined over time (Figure 1c) but the majority of soils did not appear to reach equilibrium
(Figure 3). The decreasing trend was very consistent for all soils, despite their contrasting characteristics (pH,
OC, Feam) and conformed to the exponential model (Figure S1). In contrast to Use, there were no relationships
between the U kinetic parameters (A, B and T1/2; Table S2) and soil properties, although average Ti; for soils
with near-neutral pH were generally lower. The decline in Ue reflects progressively stronger binding or physical
occlusion of U, but the persistence of the labile fraction B (ca. 3000 pg kg?) indicates a limited capacity for
uranyl immobilisation with a long half-life for fixation (T12 = 100—200 days). These observations indicate that
the pool of uranyl species able to replenish the soil solution (i) is substantially larger than might be anticipated
from basic chemical extractions; and (ii) declines very slowly suggesting that immobilisation processes
progress at a slow rate regardless of soil characteristics. This is of particular relevance in the context of

radioecological assessments, given that soil solution is the key reservoir for plant uptake.
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The progressive immobilisation of uranyl may be caused by desorption and re-adsorption processes.
According to the work of Waite et al. (1994) on two-site surface complexation models to predict UV binding,
a small population of high-affinity sites exists on the surface of Fe oxides, randomly distributed among a larger
population of relatively low-affinity sites. Thus, uranyl ions may progressively relocate to high-affinity sites
with lower rates of isotopic exchange. Krupka et al. (1999) suggested that UY' bound to Fe and Mn oxide phases

may not be in isotopic equilibrium with soluble U.

Organic matter has also been identified as a potential sink for UY, although the underlying mechanisms
are still unclear (Krupka et al., 1999) as is the involvement of abiotic or biotic reduction processes (Cumberland
et al., 2016). Microbial reduction of U"' leading to formation of immobile U"Y forms has been extensively
documented (Newsome et al., 2014). However, we observed consistent Fes, and Mnso concentrations over
the course of the experiment (lzquierdo et al. 2019), which suggests that the electrochemical status of the 20
soils remained largely unchanged. Thus, any reductive processes leading to formation of U"Y may be limited to
microenvironments following local exhaustion of O, within soil pore microsites, and it may not have
progressed much further down the redox ladder, whilst the bulk of the soil remained aerated. In addition,
microbially-mediated U"' reduction to U" and subsequent fixation would be enhanced by decomposable
organic matter that can fuel bacterial activity. However, there was no clear evidence for kinetically enhanced
fixation rates in organic soils (Figure 3a). Our findings suggest that bioreduction processes play a marginal role
in the kinetics of labile UY'. Studies on organic soils naturally enriched in U by Fuller et al. (2020) and
Regenspurg et al. (2010) have demonstrated that U was largely complexed with soil organic matter as U"'
despite reducing conditions; binding to organic matter appeared to prevent U bioreduction. Similarly, Burgos
et al. (2007) suggested that complexation of UY' with humic substances may interrupt electron transport to U"'
thereby decreasing the potential for reduction. Thus, it is more likely that Ue removal in high organic soils
reflects abiotic fixation pathways in which rapid, initial adsorption is followed by re-organisation to more

stable complexes (Krupka et al., 1999; Regenspurg et al., 2010).
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Although carbonate ligands inhibit U adsorption, the trends in U (Figure 3c) also suggest transfer to
non-labile forms in calcareous soils, as reported by Cumberland et al. (2016) and Elless and Lee (1998).
Synchrotron-based studies by Elzinga et al. (2004) and Rihs et al. (2004) showed surface complexation of
uranyl-carbonate species via inner-sphere bonding of UY' with a surface carbonate group, primarily in
monodentate coordination. Following UV adsorption, calcite dissolution and re-precipitation may then result

in the slow incorporation of UY' into CaCOs in non-labile forms.

Partitioning between labile adsorbed U and free UO,** ions in solution: K4

Solid-liquid partition coefficients (K,‘') based on isotopically exchangeable U and free uranyl in solution
provide a more mechanistically rigorous expression of the partitioning of geochemically reactive U"' than
conventional Kq4 expressions. Free uranyl ions are the form most readily accumulated by plant roots (Mitchell
et al., 2013) and probably the best indicator of potential toxicity, although UV'-carbonate complexes may also
be bioavailable (Vandenhove et al., 2007b). Values of the labile K;* are substantially greater than standard
solid-to-liquid Kq (Figure S4). Values of logioK4' ranged from 6 — 14 primarily reflecting the strong effect of soil
pH (R2=0.93; Figure 4) on binding of UO,% ions to geocolloids. Values of the conventional K4 showed little
variation with pH as the stronger binding at high pH was effectively offset by the formation of soluble U-

carbonate complexes.

Predicting Uso from Ue

Prediction of Us, concentrations from soil properties and labile Ug using WHAM7 was attempted. Goodness
of fit was assessed by calculating Residual Standard Deviation (RSD). Using Ferree and Mnggree as potential
adsorption surfaces, together with HA, underestimated U, (RSD=1.20), probably due to overestimating the
surface area available for uranyl binding. Improved predictions were obtained when (i) HA, Feam and Mnam
estimates were used as particulate active binding phases and (ii) formation of colloidal HFO with chemically
active surface was allowed (RSD=0.74, Figure S7); the majority of U, data fell along the 1:1 line and within

+1RSD.
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Omitting colloidal HFO in the modelling options resulted in poor prediction of Us, (RSD=2.24, Figure
S8). There was a systematic bias in the predictions, which widened in near-neutral soils where Uso was low
and primarily driven by complexation with HFO/FA colloids. Predictions of Us, were more accurate when
complexation reactions with colloidal FA or HFO ligands were marginal: (i) in acidic soils in which aqueous U"!
is essentially as free (UO,%*); and (ii) in calcareous soils, dominated by complexation with carbonate ligands.

This emphasises the relevance of colloidal complexes in controlling UY! solubility, particularly within pH 4 — 7.

4. CONCLUSIONS

Following contamination, UY' was rapidly removed from solution and was bound to oxides in soil. This was
followed by a slower decline in soluble uranyl following an offset exponential kinetic model. Our data suggest
that short-term experiments may not be used reliably to predict long-term solubility and K4 values, which has

practical significance in risk assessment calculations for facilities such as radioactive waste repositories.

Uranium remained more soluble in calcareous soils due to complexation with carbonate ligands; data
and model predictions suggest that a large proportion of UY' in calcareous soils is electrostatically held as
weakly sorbed uranyl-carbonate complexes. These weakly bonded fractions are particularly relevant in some
environments; Rendzina soils in calcareous terrains would be inefficient at retaining deposited UY' and would

not prevent, but rather enhance, transport, dispersion and discharge to the underlying aquifer.

The comparison between solubility and chemical exchangeability data with isotopic exchangeability
provided evidence of the binding strength of uranyl onto soils. Despite the low solubility and exchangeability,
the added uranyl was almost fully labile after 4 days. Thus, whilst uranyl sorption is rapid and strongly buffered
by Fe oxides present in soil, UV is still reversibly held and geochemically reactive. The kinetics of labile U is
remarkably similar between soils and the time trends are small. For the majority of soils, added U was still
undergoing net sorption after 600 days and that ca. 50% uranyl added was still in dynamic equilibrium with
pore water after this contact time. Modelled kinetic parameters suggest a timeframe of typically 100—200 days

to reduce the initially labile Ue by half. Crucially, these findings indicate that the pool of uranyl species able to
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replenish the soil solution through dissolution, precipitation, de-sorption or dissociation equilibrium reactions
(i) is substantially larger than might be anticipated from chemical extractions typically used in soil science, (ii)
declines very slowly suggesting that the processes and transformations conducive to uranyl transfer to an
intractable sink progress at a slow rate regardless of soil characteristics. This is of particular relevance in the

context of radioecological assessments, given that soil solution is the key reservoir for plant uptake.
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Table 1. Location and general properties of the soils in this study, listed in order of land use. Bdl denotes below the detection limit.

%

%

total concentrations mg kg

Free amorphous oxides mg kg!

Total free oxides mg kg

incubation moisture content

code land use Latitude Longitude inorgC  organicC pH Al Mn Fe Al Mn Fe Al Mn Fe % wt
CO-A arable 52°49'36.9" N 1°13'35.08" W Bdl 2.3 6.37 26707 508 20965 633 317 3386 751 356 9372 9
EV-A arable 52°50'39.43" N 1°11' 25.83" W 0.043 2.6 6.04 43275 934 34961 1244 622 4233 1245 736 14217 12
NP-A arable 52°51'38.39"N  1°7'30.47"W Bdl 1.7 6.76 15873 501 17725 637 277 2103 617 331 7531 9
SR-A arable 52°51'3.19"N 0°40'35.01"W 5.33 3.8 7.77 23207 682 22515 1333 232 1181 1176 364 12425 9
WK-A arable 52°49'47.96" N 1°14'24.12" W Bdl 2.4 5.31 19815 645 29614 762 404 3688 842 414 9270 13
WS-A arable 52°51'9.31" N 1°7'36.4" W 0.74 2.6 7.71 42149 1037 33255 604 349 1205 456 431 7166 14
BH-G grassland  52°48'24.77"N 1°23'58.86"W 1.16 6.2 7.36 27237 4451 30438 1487 3143 5184 1110 3525 14599 20
DY-G grassland  53° 18'55.30"N 1°36'1.37"W Bdl 11.4 3.90 15841 43 6925 863 18 2264 1089 36 5563 31
FD-G grassland 52°49'54.13" N 1°13'35.92" W Bdl 5.7 6.19 57058 1053 52789 1626 505 8148 1130 679 18387 24
SB-G grassland  52°47'23.53"N  1°27'58.07"W Bdl 5.0 6.02 22103 460 13775 1181 289 5436 1294 331 10073 15
SR-G grassland ~ 52°51'0.83" N 0° 40'39.93"W 0.38 5.7 7.04 36862 874 50808 1985 529 3893 1956 666 22668 22
TK-G grassland  52°47'36.62"N  1°28'29.94"W Bdl 6.3 5.32 40942 303 25256 2041 160 7069 1904 165 11484 20
BC-M moorland  53° 12'44.29"N 1°5'33.07"W bdl 5.5 4.18 21124 77 16124 876 6 4841 995 22 7850 15
DY-M moorland ~ 53° 18'42.34"N 1°35'59.93"W Bdl 38.6 3.46 10439 43 5759 2430 18 3421 2987 24 3940 36
BH-W  woodland  52°48'23.80"N 1°24'5.18"W 2.83 7.5 7.47 23500 2724 25395 880 1398 3126 675 1535 10514 16
BY-W  woodland  52°49'42.66"N  1°27'51.02"W Bdl 10.6 3.41 30226 141 22966 1347 55 6978 1634 90 14285 21
IH-W woodland  52°44'54.74"N  1°17'51.89"W Bdl 9.5 3.88 27554 185 18013 1604 60 4178 1826 95 9496 20
PE-W woodland  53°12'44.41"N 1°5'53.23"W Bdl 7.1 3.82 18022 91 7655 670 38 1806 756 55 4720 12
SR-W woodland  52°50'58.28" N  0°40'33.61"W 3.75 5.2 8.00 28029 694 25431 1813 321 1650 - - - 13
WK-W  woodland  52°49'51.48"N  1°14'17.8"W Bdl 244 3.87 11025 233 13202 1365 143 3578 1444 198 5778 37
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FIGURE CAPTIONS

Figure 1. Changes in the concentrations of U in the soluble (a), chemically exchangeable (b), and
labile or isotopically exchangeable pools (c) over the course of 619 days incubation in 20 soils. Circles
and whiskers denote median values and interquartile (25-75%) range for all soils within the
specified pH interval categories, respectively. For Uso and Ug median values, single exponential
models have been fitted. The red arrow denotes the concentration of natural U added to soils.

Figure 2. Kinetics of removal of U, from the soluble (0.01 M KNOs extractable) pool in acidic (pH<5)
(a), near-neutral (pH 5-7) (b) and calcareous (pH<7) (c) soils over the course of 619 days. The points
are experimental data through which an offset single exponential model has been fitted. Soil codes
are listed in Table 1.

Figure 3. Kinetics of the isotopically exchangeable (labile) Ue in acidic (pH<5) (a), near-neutral (pH 5-
7) (b) and calcareous (pH<7) (c) soils over the course of 619 days. The points are experimental data

through which an offset single exponential model has been fitted. Soil codes are listed in Table 1.

Figure 4. Relationship between soil pH and the labile log K" after 619 days incubation.
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Figure 4
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Supplementary Information

Figure S1. The comparison between observed and modelled U, (a) and Ue (b) using Eq.5 for the full dataset.
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Figure S2. Relationships between soil pH, organic C (OC), free iron oxides Feam and modelled kinetic

parameters for Usq including A, B and Ti/,. Several outliers have been identified.
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Figure S3. Predicted distribution of aqueous uranyl species across the pH range in two scenarios i.e.

preventing and enabling formation of colloidal HFO with surface charge. Model outputs are plotted as

defined groups of species including free ion, uranyl complexed with a range of inorganic aqueous ligands and
bound to geocolloids (FA, HFO).
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Figure S4. Changes in measured Kd values over the course of the incubation experiment. Ky denotes the
partition coefficient between the total U concentration in soil and Usol measured in 0.01M KNOs3 extracts
(EQ.3). K4" denotes the partition coefficient between the adsorbed and isotopically exchangeable U and the
uranyl present as free ion in the 0.01M KNOs extracts (Eq. 4).
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Figure S5. Relationships between U Kd and selected soil properties including (a) soil pH, and two linear
relationships for pH 3 — 6 (R?=0.49) and pH 6 — 8 (R?=0.28); (b) total organic C content in soil; and (c)
concentration of free, amorphous Fe oxides and a linear relationship (R?=0.30).
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Figure S6. Relationship between soil pH and the chemical exchangeability of U after 4 days incubation. Data
split in two subsets i.e. acidic + near neutral (pH < 7; linear relationship R?=0.53) and calcareous soils (pH > 7,
R?=0.30).
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Figure S7. WHAM7 outputs using labile Ue after 619 days incubation as input data: (a) Comparison between
observed and predicted Uso concentrations at 619 days. The solid line is the 1:1 line whilst dashed lines
represent £1RSD. (b) Proportion of the solid phases that the labile pool of U are associated with. Modelling
options includes humic substances and Feam and Mnawm as particulate binding phases, and Fesoi and FA as
colloidal binding phases. Outliers (i.e. beyond +1RSD) correspond to low Uso, low Fes, near neutral EV-A and
FD-G soils.
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Figure S8. Comparison between observed and predicted concentrations of Uso using WHAM7 when colloidal

HFO is not allowed to precipitate in the modelling options. The solid line represents the 1:1 whilst dashed

lines represent +1RSD.
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Table S1. Modelled kinetic parameters for Usol.

T1/2 A B
days pgg? Hg gt
BY-W 49 30 25
DY-M 53 8 4
PE-W 57 18 25
WK-W 61 19 17
IH-W 56 14 15
DY-G 61 4 14
BC-M 70 18 11
WK-A 251 5 6
TK-G 46 7.7 4.84
SB-G 115 11 8
EV-A 73
FD-G 39 3 3
CO-A 181
NP-A 79 13 18
SR-G 65 29 14
BH-G 44
BH-W 31 4
WS-A 109 13 7
SR-A 124 53 9%
SR-W 39 114 36

Table S2. Modelled kinetic parameters for Ue.

T1/2 A B
days Hgg* Hgg*




BC-M 201 2194 2893
DY-G 204 2122 3108
DY-M 516 2130 2196
IH-W 66 2359 3811
PE-W 100 2775 3335
WK-W 376 2325 2611
BY-W 80 2399 3548
CO-A 136 2139 3170
EV-A 77 5312 2668
FD-G 24 3673 4103
NP-A 93 3037 2509
SB-G 466 3132 2381
TK-G 74 4223 3357
WK-A 368 1479 3289
BH-G 167 2755 3357
BH-W 348 2514 2298
SR-A 263 3662 1658
SR-G 92 1900 3669
SR-W 245 2231 2912
WS-A 33 3670 1743
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